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Abstract

Excess N from agriculture induces eutrophication in major river systems and hypoxia in coastal waters throughout the world. Much
of this N is from headwaters far up the watersheds. In turn, much of the N in these headwaters is from ground-water discharge. Con-
sequently, the concentrations and forms of N in groundwater are important factors affecting major aquatic ecosystems; despite this, few
data exist for several species of N in groundwater and controls on speciation are ill-defined. Herein, we report N speciation for a spring
and well that were selected to reflect agricultural impacts, and a spring and well that show little to no agricultural-N impact. Samples
were characterized for NO;~, NO,~, N,O, NH, ™, urea, particulate organic N(Nporg), and dissolved organic N(Ndorg). These analytes
were monitored in the agricultural spring for up to two years along with other analytes that we reported upon previously. For all sam-
ples, when oxidized N was present, the dominant species was NO3;~ (88-98% of total fixed N pool) followed by NdOrg (<4-12%) and only
trace fractions of the other N analytes. In the non-agriculturally impacted well sample, which had no quantifiable NO;~ or dissolved O,
NdOrg comprised the dominant fraction (68%) followed by NH, " (32%), with only a trace balance comprised of other N analytes. Water
drawn from the well, spring and a wetland situated in the agricultural watershed also were analyzed for dissolved N, and found to have a
fugacity in excess of that of the atmosphere. H,O, was analyzed in the agricultural spring to evaluate the O,/H,05 redox potential and
compare it to other calculated potentials. The potential of the O,/H,0O, couple was close in value to the NO3;~/NO,~ couple suggesting
the important role of H>O, as an O-reduction intermediate product and that O, and NOs~ are reduced concomitantly. The O,/H,0,
and NO3;7/NO,~ couples also were close in value to a cluster of other inorganic N and Fe couples indicating near partial equilibrium
among these species. Urea mineralization to NO,~ was found to approach equilibrium with the reduction of O, to H,O,. By modeling
Ndorg as amide functional groups, as justified by recent analytical work, similar thermodynamic calculations support that NdOrg miner-
alization to NO,~ proceeds nearly to equilibrium with the reduction of O, to H,O, as well. This near equilibration of redox couples
for urea- and Ndorg-oxidation with O,-reduction places these two couples within the oxidized redox cluster that is shared among several
other couples we have reported previously. In the monitored agricultural spring, [NO3™ ] was lower in the summer than at other times,
whereas [N,O] was higher in the summer than at other times, perhaps reflecting a seasonal variation in the degree of denitrification
reaction progress. No other N analytes were observed to vary seasonally in our study. In the well having no agricultural-N impact,
Corg/Norg = 5.5, close to the typical value for natural aqueous systems of about 6.6. In the agricultural watershed Coo/Noy, varied
widely, from ~1.2 to = 9.
© 2006 Elsevier Inc. All rights reserved.

1. Introduction
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of Mexico. When the nitrogen-rich Mississippi waters enter
the naturally nitrogen-limited Gulf, algae, and other
micro-organisms bloom in huge numbers, die, settle to
the bottom, decay, and, in so doing, deplete the bottom
waters of oxygen. Seasonally expanding to as large as
20,000 km?* (Goolsby, 2000), this hypoxia kills poorly
mobile, bottom-dwelling organisms, thereby disrupting
the fishing industry along the Louisiana and Texas coasts.

The Gulf is not suffering such impacts alone; commer-
cially and environmentally important coastal waters
world-wide—the Chesapeake Bay, the Baltic Sea, the
northern Adriatic Sea, the Gulf of Thailand, and the Yel-
low Sea—all are experiencing similar problems (UNEP,
2003). And the Mississippi River is not alone in transport-
ing N-enriched waters either; N over-enrichment has been
implicated as causing eutrophication in 60% of US coastal
rivers and bays (Showstack, 2000).

Problems arising from nutrient-fueled algal blooms are
not limited to hypoxia. The toxic red tides off the Gulf
coasts and the Pfiesteria piscicida in mid-Atlantic coastal
rivers both may be promoted by nutrient over-enrichment
(Showstack, 2000).

While these conspicuous problems take place in the
large waterbodies off the coasts and higher-order rivers,
most of the nutrients that induce these problems flow with
source waters from far up the watersheds (Goolsby, 2000),
especially headwater and other small streams (Peterson
et al., 2001). In turn, much of the water these small streams
receive is supplied by groundwater discharge, typically on
the order of 55% of the total flow (Winter et al., 1998).
As a consequence, the concentrations and forms of N in
groundwater are important factors affecting the aquatic
ecosystems along our coasts. Despite this influential role,
for several N species, few groundwater data have been
reported and some N transformation processes in the sub-
surface are ill-defined as well.

The most common species of N in contaminated
groundwater is NO3~ and multiple ¢~ donors have been
identified or implicated in the reduction of NO;™ in
groundwater settings (Korom, 1992). In a sandy glacial
aquifer contaminated by treated waste-water, Desimone
and Howes (1996) found denitrification to be controlled
by the most conventionally cited e~ donor for denitrifica-
tion, i.e., Core. On the other hand, mineral e~ donors com-
monly appear to be important as well; Korom et al. (2005)
determined that S™! from FeS, was the dominant e~ donor
for NO;~ reduction in a glacial outwash aquifer and
Bohlke and Denver (1995) argued that Fe*" in glauconite
served as the predominant ¢~ donor for NO3;™ reduction
in a coastal aquifer.

NO;™ reduction in the subsurface appears to exhibit a
variety of activity patterns, both spatially and in terms of
relative rates between denitrification steps. Ueda et al.
(2003) reported that the highest potential denitrification
activity overlapped aquifer areas where they observed high-
est [NO3 ™ ]. Alternatively, Tesoriero et al. (2000) observed
most denitrification to take place in a ‘redoxicline’ wherein

the oxidation state of multiple species changed dramatical-
ly. Differently still, Smith et al. (2004) reported that denitri-
fication appeared to take place preferentially in discrete
flow paths relative to other locations. Regarding relative
rates among the multiple denitrification steps, Smith
et al. (2004) found that NO3;~ — NO, proceeded more
quickly than subsequent denitrification steps.

McGuire et al. (2002) showed that most denitrification
in groundwater takes place at, or in association with, solid
surfaces. This surface association for denitrification might
play a role in the observation that nitrate reduction is much
less effectual in fields/aquifers that have been tiled to en-
hance drainage; David et al. (1997) reported that roughly
50% of N applied to tiled agricultural fields made its way
to local rivers. However, some of this effect appears to be
a consequence of simple short circuiting as well because
most of this N loss from tiled fields occurred subsequent
to a few high precipitation events (David et al., 1997).

N,O in groundwater has been reported as commonly
occurring in excess of that for water in equilibrium with
the atmosphere. Most of this excess N,O has been inter-
preted as being generated by nitrification in the vadose
zone (Muhlherr and Hiscock, 1998; Ueda et al., 1991).
However, N,O also apparently can be generated by denitri-
fication in the saturated zone as well (Muhlherr and His-
cock, 1998).

Information on the occurrence of, and factors affecting
the fate of, organic N (N,,) in groundwater is more sparse
than for most of the inorganic N species. This data gap for
Ny in groundwater is significant because, in many nitro-
gen-degraded rivers (Maybeck, 1982) and streams (Willett
et al., 2004), N, is the second-most concentrated N spe-
cies after NO3 ™, typically comprising about 40% of the to-
tal dissolved-N pool (Maybeck, 1982; Willett et al., 2004).

The N, fraction of most environments predominantly
is present in humic and fulvic materials (Aiken et al., 1985).
Large fractions of this N, have been observed to be per-
sistent in the environment, commonly 30-50% in terrestrial
settings (Schulten and Schnitzer, 1997) and the majority in
the oceans (McCarthy et al., 1997). Historically, this persis-
tent N, fraction was thought to be comprised largely of
stabilized complex macromolecular heterocyclic com-
pounds (Knicker and Ludemann, 1995). Yet analytical
work during the last decade shows that the majority of ter-
restrial (Knicker and Ludemann, 1995), riverine (Vairava-
murthy and Wang, 2002), and marine (McCarthy et al.,
1997) Ny is present as amide functional groups, probably
as proteins. Proteinaceous materials generally are labile
(Vairavamurthy and Wang, 2002) and this incongruity
with the observation of persistent N, fractions has
spurred several theories regarding the cause of this persis-
tence, mostly focusing on molecular changes that might im-
part a refractory nature to these otherwise-labile moieties
(Vairavamurthy and Wang, 2002; Zang et al., 2000). In
N-rich settings, mineralization of N,,, commonly is execut-
ed by microbes to garner metabolic energy, that is, as exer-
gonic reactions. Because of this, and because of the open



N partial equilibrium with the O>-H,0; couple

question regarding the cause of the apparent persistence of
labile N,,, moieties, a reasonable question is whether some
N, might persist because it nearly has equilibrated with
system oxidants rather than because it is refractory.

In this paper, we report N-speciation data for ground-
water in both N-impacted settings and settings showing lit-
tle to no excess N; the number of species we report is rare
for groundwater and includes particulate organic N
(NP,,,), dissolved organic N (Ndorg), urea N (NH;3(CO)g 5),
NO;~, NO,, N,O, NH,", and dissolved N,. We analyze
H>0, to compare the potential of the O,/H,0, redox cou-
ple to other N-couple potentials. We examine the hypoth-
esis that some N, might persist because it approaches
partial equilibrium with its surroundings rather than be-
cause of any real refractory nature and we compare the
Core/Norg status of these groundwaters to other aquatic
systems.

3535
2. N speciation and transformations

Nitrogen commonly occurs in seven redox states and
transformation between these states typically is mediated
biologically, chiefly microbially below the root zone
(Fig. 1). The dominant atmospheric N species, N», is triply
bonded between the atoms, N=N, making the molecule
remarkably stable. Consequently, biological N fixation,
where N, is converted to NH; and then to Nporg, is an ener-
getically costly process carried out only by a few prokary-
otes and symbiotic microbes (Brock et al., 1994).

Upon cell death, NP is subject to assimilative and dis-
similative ammonification. In dissimilative ammonifica-
tion, organic matter is used as a C source with an
attendant release of NH, " (Zubay, 1993). Although there
is no change in N-oxidation state during dissimilative
ammonification, N presumably can play a role in the effi-
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Fig. 1. N transformations—emboldened species are the dominant forms for biological assimilation and emboldened processes can be exergonic. Together,
ammonification and nitrification often are coined mineralization. Nitrogen species, excluding N,, often are grouped under the heading ‘fixed N’ or
‘reactive N, in reference to their common trait of having undergone fixation and being readily available for one or more biological transformations.
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ciency of catabolism in the protonation of the organic —
NH, group to form NH,".

Under oxidizing conditions, NH," is oxidized, or nitri-
fied, as an energy source by chemotrophic bacteria, com-
monly in two steps, NH," - NO,™ and NO,~ — NO;".
The genus Nitrosomonas mediates the first nitrification step
in both soil and aqueous settings, Nitrosococcus mediates
step one in aqueous settings only, and Nitrosospira, Nitro-
solobus, and Nitrosovibrio mediate step one in soil only
(Brock et al., 1994). The genus Nitrobacter mediates the
second nitrification step in both soil and aqueous settings,
while Nitrospina, Nitrococcus, and Nitrospira mediate step
two in marine settings only (Brock et al., 1994). In oxic set-
tings, ammonification and nitrification often are closely
coupled, and together these processes commonly are coined
mineralization.

In turn, NO;™ is subject to both assimilative and dissim-
ilative reduction. In dissimilative reduction, or denitrifica-
tion, oxidized N species act as respiratory electron
acceptors to produce any of five oxidation states between
NO,; and N, (Fig. 1). For denitrification reactions, organic
carbon (C,,,) is widely recognized as the primary electron
source; however, chemotrophic microbial reduction of
NO;~ also can proceed using Fe’" (Straub et al., 1996),
and HS™ and S~ (Appelo and Postma, 1996; Korom
et al., 2005) as sole electron donors.

3. Materials and methods

Waters were sampled from four subsurface-flow-system
sources located in the Southern Piedmont Physiographic
Province, Oconee County in northeastern Georgia. At all
sample locations, bedrock is gneiss (Railsback et al.,
1996) and the lithologic unit is designated as Athens
Gneiss. Based on well cuttings and outcrops in the study
area, Athens Gneiss predominantly is granodioritic gneiss
locally. Soil series are comprised mostly of Cecil series
and Pacolet series, both classified clayey, kaolinitic, ther-
mic Typic Kanhapludult.

Three of the sample locations are on United States
Department of Agriculture (USDA) Agricultural Research
Service property, the J. Phil Campbell Senior Natural Re-
source Conservation Center (Amirtharajah et al., 2002),
about 10 km south of the United States Environmental
Protection Agency (USEPA) lab in Athens, GA where
the analyses were performed. Well NU18 and Spring
SpW2 are about 60 m apart. They combine to represent
mid-flowpath and discharge locations, respectively, of the
USDA Watershed 2, an area of about 10 ha. This wa-
tershed, encompassed entirely within USDA property, is
comprised mainly of pasture through which about 100
cow-calf pairs are rotated roughly one week in six. In addi-
tion to nutrients and C,,, from cattle waste, Watershed 2
also is fertilized at a rate of about 78 kg N/(ha-yr). The
uppermost aquifer flow is through the saprolite which
ranges from about <8 to >21 m depth. Spring SpW2 was
sampled for most analytes about two dozen times over

about two years. Well NU18 extends to the top of bedrock,
11 m, and is screened over the bottom 3 m. Application of
the Jacob straight-line drawdown method (Driscoll, 1989)
to pumping test data from Well NUIS8 led to a hydraulic
conductivity of about 2x107° to 3x 107> cm/s. The
hydraulic gradient between NU18 and SpW?2 ranges from
about 0.02 to 0.04.

Spring NWSp is about one km NNW of Spring SpW2,
set in a wooded area of the USDA property that is in a sep-
arate watershed from Well NU18 and Spring SpW2. It is
similar to Spring SpW2 except that it issues from an area
used less intensively for agriculture and in which no cattle
are grazed.

The Hillcrest Well, a public water-supply well drilled
into granodioritic gneiss to a depth of about 177 m, is
located about 3.5 km west of USDA Watershed 2 in a sep-
arate watershed from the other three sampling points. It
was sampled from a tap on the well head during its normal,
continuous-production pumping of about 340 L/min.

The well (Well NU18) and the spring (SpW2) draining
the beef-cattle pasture were chosen to represent a system
that clearly has been impacted by agriculture while the
deep well into bedrock (Hillcrest Well) and the wooded
spring (NWSp) were chosen to represent systems located
in similar geologic settings and having little or no agricul-
tural impact.

For springs, an effort was made to transfer the water
from as near to the source of issuance as possible by
syphoning or peristaltic pumping into a container where
flow was from the bottom upwards to spill over the con-
tainer lip continuously so that samples could be collected
having virtually no contact with air. For wells, samples
were collected only after stable readings were achieved
for pH (Orion Model 250A+), specific conductance (YSI
Model 30), dissolved O, (YSI Model 55) and temperature
(using thermocouples on the pH, specific conductance
and O, probes); these samples also were collected from
an upwelling, overflowing container. YSI reports the detec-
tion limit for the Model 55 dissolved O, probe to be 9 uM,
a conservatively high value that varies between meters and
with wear on the sensor membrane.

Collected samples were subjected to numerous analyses
for redox-sensitive solutes. In an earlier paper (Washington
et al., 2004) we reported the analytical results for specific
conductance, pH, temperature, [O,], [H»], alkalinity,
[HoCOs], [COJ, [CH4] [Corgl, [NOs ], [NO> 7] [N2O],
[NH, "], [SO,~], [H,S], [Fe(II)], [Fe(III)], and [Cl].

The new analyses we report herein for N°_ Ndorg, and
urea for the period 2001-2003 were performed on samples
that had been composited from three samples from this
earlier work (Washington et al., 2004) and preserved by
freezing.

3.1. Particulate and dissolved total N

Total N was analyzed by oxidation of all fixed N in a
sample, followed by analysis for NO3;~. Common modes
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of N oxidation include persulfate, ultra-violet, and high-
temperature oxidation. In a comparison of oxidation meth-
ods for N in water samples, Bronk et al. (2000) showed that
persulfate oxidation consistently had the highest percent-
age recovery of the three methods.

Our persulfate oxidizing solution followed the recipe
of Eaton et al. (1995) and consisted of 0.2 M K,S,0g
(Fisher ACS Grade), 0.5 M B(OH); (Fisher ACS Grade)
and 0.1 M NaOH (Fisher 50% w/w ACS Grade). In each
sample run, 10 mL of nanopure H,O (blank), glycine
standard (C,HsNO,; from LabChem 20% w/v Reagent
Grade) or sample were pipetted into culture tubes and la-
beled. One mL of oxidizing solution was added to each
culture tube, the tubes were capped tightly, vortexed
and autoclaved at 121 °C for 40 min. Each sample was
digested in two tubes, with unfiltered sample in 1 and
0.2-pum, Teflon-filtered sample in the other; these samples
were designated, respectively, as total N (N,) and dis-
solved total N (N%). After autoclaving, the originally
unfiltered N, samples were filtered to prepare them for
analysis.

Prior to 2005, samples were analyzed using a Dionex
DX-500 ion chromatograph with an ASRS Ultra electro-
lytical suppressor, Dionex lonpac standard-bore AS-15
guard and separating columns, and an anion trapping col-
umn to suppress carbonate following the method of Wash-
ington et al. (2004). Reagent blanks had small, but
quantifiable, concentrations, typically about 2% of sample
values. Consequently, reagent blank concentrations were
subtracted from the analytical concentrations of N; and
N, ¢, and the results were multiplied by a 1.1-dilution factor
to correct for the addition of the oxidant.

Starting with our blank- and dilution-corrected values,
particulate total N (N,?) is defined as:

[N"] = [NJ = [N,“]. (1)

Our limit of detection (LOD) for N» was 28 pM. We
detected N,¢ in all our samples well in excess of its LOD
of 14 uM.

3.2. Particulate and dissolved organic N

Dissolved organic N (N¢ ) is defined as:

org

[Ne] = [N = [NO;3] — [NO; ] — [NH]. (2)

org}

Particulate organic N (NP ) is defined as:

org

[N?or,] = [N = [NO3] = [NOy] — [NH;] = [N, ]~ (3)

org

We exclude N,O from N, calculations because the
samples were exposed to the atmosphere during sample
preparation and we assume most N,O volatilized before
sample digestion. Operationally, [Nporg] is equivalent to
[N,]. Since NO3~ comprised the largest fraction that was
subtracted from N, and [N,?] to solve for N, in most of
our samples, small errors in [NO;~ ] were found to result
in large errors in our N, values. To minimize such errors,

undigested aliquots were analyzed for [NO3; ™ ] on the same
day as the digested samples representing [N,] and [N ¢]. We
checked our recovery of NdOrg using glycine as the standard
organic-N source, routinely running glycine at several con-
centrations for every analysis run; for [Ndorg] = 36-71 uM,
the general range of our samples, our recovery averaged
87-94%, respectively, consistent with the recoveries report-
ed by Bronk et al. (2000). In samples having detectable
NO;~, our LOD for NG'org was 14 uM. When NOs~ was
not detectable, no uncertainty was imparted to our calcula-
tion of [Ndorg] by NO; ™ and, for these samples, our LOD
was lower, 7 uM.

3.3. Urea N

Urea was measured by adding urease and a pH buffer to
water samples and standards, and allowing reaction for
30 min to cleave the amines from the carbonyl. Then sam-
ples and standards were prepared for NHj3 analysis by the
phenate method (Clesceri et al., 1998), with the modifica-
tion of allowing reaction and settling overnight to minimize
turbidity.

The pH buffer was 0.04 M trisodium phosphate
dodecahydrate (Nas;PO412H,O; EM Science ACS
Grade), 0.036 M sodium dihydrogen phosphate monohy-
drate (NaH,PO,H,O; EM Science ACS Grade) and
0.04 M EDTA disodium dihydrate (Baker Reagent
Grade). The urease suspension was prepared with 2 g
lyophilized urease (EM Science specified =5 U/mg) in
10 mL glycerin (Fisher ACS Grade) and 10 mL water
(EM Science ACS grade), and was kept in suspension
with a magnetic stir bar. In every sample run, several
calibration standards were prepared from the urea re-
agent and analyzed.

For each filtered sample, standard and blank, 3 mL were
pipetted into a 4.5 mL methacrylate disposable cuvette
along with 20 pL of the pH buffer. Each cuvette also re-
ceived one drop of the urease suspension from a Pasteur
pipette, the suspension being too viscous to use an autopi-
pette. The cuvettes containing these preparations were al-
lowed to react for 30 min at which time the reagents for
phenate analysis of NH; were added (Clesceri et al.,
1998; Washington et al., 2004). These samples then were al-
lowed to react in the dark overnight, during which time any
suspended particles from the urease settled out of the spec-
trometer’s light path. In the morning, post-urease N (N,,)
was measured with the spectrometer set to 2 = 640 nm per
the phenate method (Clesceri et al., 1998) on a Hach 2010
spectrometer.

The phenate reagents also were added to samples having
no urease to measure non-urease-derived [NH;]. The spec-
trometer was zeroed on pure water having no reagents for
all measurements. Urea N was calculated from analytical
values by:

[NH;(CO), 5] = [Npu] — [NH3]. (4)
For this method, the estimated LOD was 0.9 uM N.
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3.4. Collection and measurement of dissolved N,

Dissolved N, samples were collected in September 2002
from well NU18, and in June 2005 from well NUI1S, spring
SpW2 and the wetland into which SpW2 issues, about 70-m
downgradient of the spring. These samples were collected
in gas-sampling jars (Washington et al., 2004) after they
had been purged with Grade 5 He (99.999%; BOC Gases).
The water samples and headspace were equilibrated, and
the headspace analyzed on an Agilent AT 6890 gas chro-
matograph (GC) with two 2-mL sampling loops in series
attached by two ten-port valves that separated flow to:
(1) a Hayesep Q column (4 ft x 1/8 in 0.d., 80/100 mesh) at-
tached to a 5-ft Hayesep N column (6 ft x 1/8 in o.d., 80/
100 mesh) then to a micro electron-capture detector
(WECD) using a 95% Ar/5% CH, carrier gas; and (2) a
Hayesep DB-packed column (30 ft x 1/8 in o.d., 80/100
mesh) leading to a thermal-conductivity detector (TCD)
using Grade 5 He. The headspace N, was detected on the
TCD.

During attempts to generate calibration curves, mixing
gas standards for the low [N,] of our samples proved diffi-
cult because of contamination from the high concentration
of N, in air. We achieved reproducible N, peak areas in He
headspace from deionized water that had been saturated
with atmospheric air by bubbling the air through the water
for >1 h. These peak areas were taken to reflect a fugacity
(fx,) of 0.782 atm and N, peak areas for Grade 5 He were
taken as fn, = 0 to generate a two-point calibration. Origi-
nal dissolved [N;] was calculated from headspace [N;]
using a Henry’s Law K;;N> = 1450 L-atm/mol (Wilhelm
et al., 1977).

3.5. Measurement of H,0>

Hydrogen peroxide was analyzed by H,O,-oxidative
dimerization of (p-hydroxyphenyl)acetic acid (POHPAA)
followed by fluorescent detection (Herut et al., 1998; Miller
and Kester, 1988) with a near-uv lamp, and optical filters
for emission, A., = 320 nm, and excitation, A, =400 nm,
on a portable Turner 10-AU-005-CE fluorometer. For this
method, we reacted 100 pL of fluorometric reagent, con-
sisting of 0.25mM POHPAA (Aldrich, 98%), 2.1 x 10*
purpurgallon U/L peroxidase (Aldrich, stabilized), and
0.25 M tris buffer at pH 8.8 (Sigma), with 5 mL of water
for 15 min to dimerize the POHPAA. Fluorescence of the
POHPAA dimer is directly proportional to H,O», however
fluorescence also occurs as a consequence of other trace
species and the fluorometric reagent (Herut et al., 1998;
Miller and Kester, 1988). The POHPAA dimer is stable
for several hours (Herut et al., 1998; Miller and Kester,
1988) and the fluorescence of the POHPAA-stabilized sam-
ples, therefore, can be measured in the laboratory. Howev-
er, correction for the fluorescent contributions from other
trace fluorescing species necessitates measuring of the nat-
ural water in the absence of any reagents; natural water is
not fluorescently stable (Holm et al., 1987), so we per-

formed our fluorometric measurements in the field. The
fluorescent contribution from other species and the fluoro-
metric reagent is quantitated using an H,O;-blank value
(Blank) that is calculated from: (1) fluorescence of natural
water (Nat); (2) water reacted with 50 uL of 8.7 x 107 U/L
catalase (Sigma, 2x crystallized) for 5 min (Cat); and (3) the
catalase sample with fluorometric reagent added for 15 min
(FIr) according to Blank = Nat + (FIr — Cat). The catalase
reacts with H,O, but not other trace fluorescing species. As
such, subtraction of blank fluorescence from the fluores-
cence of a water sample reacted with fluorometric reagent
solves for fluorescence in the water that is consequent sole-
ly of H,O, reacted with POHPAA. However, because of
the confounding effects of the trace fluorescing compounds,
sample H>O, fluorescence in natural water cannot be relat-
ed to sample [H,O,] by a conventional standard curve.
Consequently, sample [H,O,] is evaluated by the method
of standard additions for which we added 50 puL aliquots
of 107* M H,0, (Solvay Chemicals, cosmetics grade, certi-
fied 35.2% assay). The blank fluorescence is subtracted
from the fluorescence of the water sample and each stan-
dard addition to generate values reflecting fluorescence
solely due to H,O,, i.e., that naturally occurring in the
water sample and that added for the standard additions
(Fig. 2). These data plot linearly in fluorescence-added
[H,O,] space and extrapolation of the line to the [H>O,]
axis defines the [H,O,] in the natural water. Limit of detec-
tion for this method, defined as three times the standard
deviation of three blank measurements (Herut et al.,
1998; Miller and Kester, 1988) was determined to be
1.5nM.

In performing these analyses, we found that the fluores-
cence of some samples increased during exposure to light.
With regard to this instability, we made these observations:
within each sample the rate of fluorescence increase ap-
peared roughly constant for a given condition; the rate of
increase was fastest in direct sunlight, slower in indirect

3
:‘Z’ [ ]
'c 25| Fluorescent —5 e
= measurements
>
S
g 2f v
= [ ]
o]
)
< s} 3
8 n
< ¥ Fluorescence
8 1 minus blank
(7]
e Intercept
S 05 [defines [H,0,]
[TH
0 | | |
-0.01 0 0.01 0.02 0.03 0.04

[Added H,0, 1 (uM)

Fig. 2. Solving for [H,O,] by method of standard additions. When the
blank fluorescence, representing fluorescence due to reagents and trace
fluorescent solutes other than H>O,, is subtracted from fluorescence
readings for the raw sample and standard additions, extrapolation of the
linear trend to the intercept defines [H,0,].
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natural light and slowest to non-existent in artificial light;
in all cases, the fluorescence of samples remained stable
after the initial 15-min reaction period when they were
stored in the dark; and using freshly mixed reagents for
each sampling round, we observed no differences in sample
stability among reagent batches. We interpreted these
observations as probably reflecting photocatalyzed oxida-
tion of organic matter coupled to reduction of O, to form
H202.

3.6. Collection and measurement of N,O, NO,™, NH,,
Corer and O>

We originally reported our 2001-2003 data for N,O,
NO,~, NH,", Corg, and O, in Washington et al. (2004);
we have resummarized them here (Table 1) for the conve-
nience of the reader. The 2005 data we report for these ana-
lytes were generated employing the same techniques
described in detail in our earlier work (Washington et al.,
2004). In summary, analytical techniques are: N,O, GC/
ECD; NO, ", diazotization/spectrometer; NH,", phenate/
spectrometer; C,.g, total-organic-carbon analyzer; and
0,, dissolved-oxygen probe.

3.7. Collection and measurement of other analytes in 2005
sampling rounds

In order to optimize comparison of our 2005 data with
our earlier study (Washington et al., 2004), we analyzed
all the parameters we included in the earlier study as well.
Analytical methods that remained the same for both stud-
ies are: H,, CH,, and CO,, GC/TCD; Fe(II) and Fe(III),
ferrozine/spectrometer; and HS™, methylene blue/spec-
trometer. Details of these analytical efforts are described
in our earlier work (Washington et al., 2004).

Anions including NO;™, CI7, SO4>~, and HPO,>~ were
analyzed on a modular Metrohm-Peak dual-channel ion
chromatograph using a 20 pL injection loop, chemical sup-
pressor, and a Metrosep A Supp 5-250 column. Analytical
runs of 35 min were performed isocratically at a flow rate
of 0.7 mL/min using an anion eluent of 3.2 mM Na,COs3
(Baker Reagent Grade) and 0.2 mM NaHCO; (Baker
ACS Grade). Detection limits for all reported analytes were
well below that detected in samples.

4. Results

Our 2001-2003 N data are summarized in Table 1. Total
fixed dissolved N concentrations, by summing N, and
N0, varied from 0.01 mM in the deep Hillcrest Well to
0.8 mM in spring SpW2 which drains the beef-cattle pas-
ture. In contrast, particulate N was very small, present at
less than the limit of detection in all samples but three from
the monitored spring.

Of the four sampling locations, three had quantifiable
dissolved O, and other oxidized species (Table 1); the Hill-
crest Well did not have quantifiable O, or NO; ™. For the

three oxidized sample locations, NO;~ was the dominant
N species, present at >0.1 mM in all cases (Table 1) and
comprising = 90% of N 4. The highest observed [NO;7],
0.7 mM in spring SpW2, equals the USEPA drinking-water
maximum contaminant limit (MCL), but all other samples
were less than the MCL. In these three shallower, oxidizing
locations, Ndorg was the second most-concentrated species
at about <14 to 80 uM (Table 1), comprising <2 to 11%
of N (Table 2).

In the deeper, more-reducing Hillcrest well, N was much
more dilute than in the shallower, more-oxidizing sample
sources. Measured at 9 uM (Table 1), Ndorg was the domi-
nant N species in the Hillcrest sample, comprising 68% of
the total N pool (Table 2). The second-most concentrated
N species in the Hillcrest sample was NH,4", present at
4 uM, comprising 32% of the N pool.

In the monitored spring draining the beef-cattle pasture,
spring SpW2, [NO;], and [N,O] covaried in a statistically
significant, inverse fashion (Fig. 3). In contrast, NO,",
which is an intermediate denitrification product between
NO;™ and N,O, apparently did not covary with either of
these species, neither visually nor statistically (Fig. 3).

Present at <7 pM, (Table 1), urea N generally was a
small fraction of N, in our samples (3—23%; Table 2).
One of two samples drawn from NU18, the well located
in the beef-cattle pasture, had detectable Ndorg; in this sam-
ple urea comprised 41% of Ndorg (Table 2). In contrast, at
the drainage of the beef-cattle pasture downgradient from
NU18, spring SpW2, urea represented an average of only
8% of N, (Table 2).

The analytical results for dissolved [N,] show a N,
enrichment at all sample locations, relative to water equil-
ibrated with air (Fig. 4). The subsurface-source waters of
well NU18 have higher [N,] than the surface waters collect-
ed from the wetland and spring SpW2 [N,] is intermediate
between that of NU18 and the wetland.

Values of [H,0,] at spring SpW2 were 4 nM for each of
two sampling rounds (Table 3). These values are lower than
the 20 nM we had estimated in our earlier work (Washing-
ton et al., 2004) based on a mean of values reported for
groundwater in Holm et al. (1987). We reported upon most
of the other analytes shown in Table 3 in our earlier work
(Washington et al., 2004) and, without exception, these
new data fall in the same general range as our earlier work.

5. Discussion

5.1. Confirmation that the O»/H>0> redox couple approaches
equilibrium with several N and Fe couples

In our earlier work (Washington et al., 2004), we
hypothesized that the O,/H->O, redox couple approaches
equilibrium with several N and Fe couples based on mea-
sured values of [O,] and pH, and a [H,O,] estimated to
be the mean of several groundwater values reported in
Holm et al. (1987), 20 nM. Our actual measured values
were a little lower, 4 nM (Table 3). When our measured



Table 1
Analytical data
Date [NOs] Dissolved [Urea-N] [N,O] [NO> ] [NH4+] Partculate Non-urease active [Corgl [03]

(mM) Norg] (M) (1M) (uM) (uM) (uM) Norg (LM) (Norel" (M) (uM) (uM)

Mean SD Mean SD Mean SD Mean SD Mean SD Mean SD Mean SD Mean SD Mean SD Mean SD
Spring W2
07/11/2001 0.49 0.03 41 4 0.6 0.2 <10 50 1
09/26/2001 0.37 0.02 29 3 0.21 0.04 0.5 0.4 <10 40 1 0.17 0.003
10/16/2001 0.33 0.02 26 2 0.18 004 <3 <10 23 2 0.25 0.02
11/29/2001 0.30 0.02 23 2 2.8 0.3 0.57 0.00 <0.6 <10 20 4 15 1 0.22 0.009
12/06/2001 0.30 0.02 21 2 1.0 0.1 <10 20 4 20 2
01/23/2002 0.41 0.02 42 4 0.21 0.00 <0.6 14 1 63 1 0.24 0.007
03/19/2002 0.36 0.02 28 3 1.3 0.2 0.37 0.02 0.21 004 <3 <10 27 6 20 0 0.27 0.004
06/03/2002 0.36 0.02 27 2 0.96 0.11 <0.2 <0.4 11 1 14 1 0.15 0.002
06/25/2002 0.32 0.02 32 3 7.4 0.9 2.17 0.14 0.25 0.04 <0.6 <10 25 5 44 3 0.20 0.002
07/29/2002 0.31 0.02 35 3 59 0.7 1.20 0.02 0.21 0.02 0.6 0.0 <10 29 6 55 1 0.16 0.006
10/02/2002 0.36 0.02 43 4 4.0 0.5 0.80 0.04 <0.2 <0.6 <10 39 8 38 2 0.17 0.001
11/20/2002 0.72 0.04 79 7 2.7 0.3 0.50 0.03 0.25 0.05 <0.6 <10 76 16 37 1 0.22 0.004
12/18/2002 0.45 0.03 46 4 1.3 0.2 0.38 0.02 0.36 0.00 0.7 0.2 <10 45 9 28 2 0.22 0.004
01/07/2003 0.49 0.03 49 4 2.5 0.3 0.38 0.04 0.35 0.02 <0.6 <10 47 10 41 3 0.22 0.007
02/24/2003 0.48 0.03 58 5 3.1 0.4 0.17 0.01 024 0.04 <0.6 <10 54 11 51 2
04/03/2003 0.46 0.03 25 2 0.38 0.01 0.29 0.00 <0.6 19 2 41 2 0.23 0.006
05/12/2003 0.44 0.03 38 3 0.51 0.03 0.25 0.00 <0.6 <10 16 1 0.18 0.02
06/05/2003 0.42 0.03 32 3 1.1 0.1 0.41 0.00 0.21 0.00 0.8 0.1 <10 31 7 220 5 0.22 0.005
NW Spring
02/26/2002 0.10 0.01 <14 0.16 0.00 0.29 0.07 <3 <10 22 2 0.20 0.002
03/07/2002 0.15 0.01 0.39 004 <3 0.18
Well NU18
05/08/2002 0.24 0.01 <14 1.2 0.1 5.27 0.26 0.71 0.07 <4 <10 3 1 240 2 0.08 0.001
06/05/2002 0.27 0.02 ~11 1 4.6 0.6 1.03 0.10 0.28 002 <4 <10 7 1 96 1 0.19 0.008
Hillcrest Well
07/23/2002 9 1 2.0 0.2 0.01 0.01 43 0.0 <10 7 1 49 2 <0.009

* Non-urease active Ny, is [Norg]-[Urea-N].
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Table 2
Ratios
Date Molar fraction of total dissolved N Molar urea N/No,y Molar Corg/Norg

NO;~ Norg NO,~ N,O NH,"
Spring W2
07/11/2001 0.92 0.08 0.0000 0.0000 0.0011 1.22
09/26/2001 0.93 0.07 0.0005 0.0000 0.0012 1.35
10/16/2001 0.93 0.07 0.0005 0.0000 0.0000 0.88
11/29/2001 0.93 0.07 0.0017 0.0000 0.0000 0.12 0.63
12/06/2001 0.94 0.06 0.0000 0.0000 0.0000 0.05 0.97
01/23/2002 0.91 0.09 0.0005 0.0000 0.0000 1.53
03/19/2002 0.93 0.07 0.0006 0.0010 0.0000 0.05 0.69
06/03/2002 0.93 0.07 0.0000 0.0025 0.0000 0.52
06/25/2002 0.91 0.09 0.0007 0.0062 0.0000 0.23 1.37
07/29/2002 0.90 0.10 0.0006 0.0034 0.0017 0.17 1.60
10/02/2002 0.90 0.10 0.0000 0.0020 0.0000 0.09 0.89
11/20/2002 0.90 0.10 0.0003 0.0006 0.0000 0.03 0.47
12/18/2002 0.91 0.09 0.0007 0.0008 0.0014 0.03 0.61
01/07/2003 0.91 0.09 0.0006 0.0007 0.0000 0.05 0.84
02/24/2003 0.89 0.11 0.0004 0.0003 0.0000 0.05 0.89
04/03/2003 0.95 0.05 0.0006 0.0008 0.0000 1.68
05/12/2003 0.92 0.08 0.0005 0.0011 0.0000 0.41
06/05/2003 0.93 0.07 0.0005 0.0009 0.0018 0.03 6.70
NW Spring
05/08/2002 0.96 0.0028 0.0016 0.0000 >1.6
Well NU18
05/08/2002 0.98 0.0029 0.0213 0.0000 >17
06/05/2002 0.96 0.04 0.0010 0.0037 0.0000 0.41 8.60
Hillcrest Well
07/23/2002 0.00 0.68 0.0000 0.0009 0.32 0.22 5.46

values are used to calculate peg, py,0, using (Washington
et al., 2004):

pe(0,/H,0,) = (26.32 + log ao, — log au,0, — 2pH)/2

(5)
the resulting potentials plot closer to equality with
Peno,/No,- than we had estimated in our earlier work
(Fig. 5 herein vs. Fig. 1A in Washington et al., 2004).
The observation that peg,y,0, nearly equates with
Pexo,-/No,~ Supports that multiple oxidants can be subject
to reduction simultaneously. In this case, the O,/H,0, and
NO; /NO,~ couples apparently are mutually buffering
each other’s reductive consumption.

Because there has been a longstanding controversy
regarding whether O, in aqueous environmental systems
mostly is reduced to the intermediate H,O, or directly
to H,O (Drever, 1988), this confirmation that O,/H,O,
is closely consistent with a number of other couples over
several years of observation at a single site (Fig. 5) and
at several locations (Washington et al., 2004) is impor-
tant support that O, reduction generally does proceed
through the H,O, intermediate. That O, reduction gener-
ally is a two-step process, O, - H,O, —» H,0, also is
corroborated by the steady increase in fluorescence ob-
served for samples stored in sunlight during H,O, anal-
ysis, apparently reflecting the ingrowth of H,0,
(Section 3.5 of this paper).

5.2. Mineralization of urea to near partial equilibrium with
dissolved O, reduction

Ammonification of urea to NH," is mediated by the
urease enzyme and is thermodynamically spontaneous for
most environmental conditions. In detail, urease appears
to catalyze urea hydrolysis to the intermediate product
ammonium carbamate (H,NCOONH, which quickly re-
acts abiotically to form NH," under most environmental
conditions (Jespersen, 1975).

When N is not the limiting nutrient under oxidizing con-
ditions, such as at the N-rich spring SpW?2, large fractions
of ammonification-formed NH4" can be expected to be
subject to nitrification. Under these conditions, ammonifi-
cation and nitrification comprise a closely coupled, two-
step mineralization process that can be represented as:

CO(NH,), + 6H,0 — 2NO; + 14H" + 12¢” + H,CO;
(6)
Using free energies of formation from Brock et al. (1994),

for Eq. (6), log K= —168.53. Solving for calculated redox
potential, pexo, - /conm,), 1S expressed as:

PENO,—/CONH,), = (168.53 + log am,co, +21og ano,
— 14pH — lOg aco(NH2>z)/12 (7)

Applying N data reported herein (Table 1), and H,CO;
and pH data as reported in Washington et al. (2004) to
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Fig. 3. (a) [NO5 ], [NO;, ], and [N,O] vs time in spring SpW2 water. With
a correlation coeflicient between the log-transformed [NO; ™ ] and [N,O] of
1 =0.36, these solutes are inversely correlated at P =0.05 (10 df).
However, [NO, ] is not significantly related to either of the other solutes.
(b) [N,O] vs. [NO3 ], depicting inverse relationship in spring SpW2.

Eq. (7), PeNO, - /CO(NH,), for spring SpW2 is depicted in
Fig. 5 along with pe values for other analytes. For these
calculations, the activity of NO,~ was calculated from con-
centration using the extended Debye-Huckel equation
(Washington et al., 2004) and, as neutral species, H,CO3
and urea were assumed to have activity coefficients of uni-
ty. Fig. 5 shows that values of peyo,_ - /com,), femain stable
through time like all other depicted couples and are posi-
tioned at the bottom of the upper pe cluster defined by
most other calculated N pe values, Fe pe values and
PCo, /1,0,

With pexo, - /conn,), generally being <4 pe units from
Peo,/m0,- these couples are close to mutual equilibrium
compared to: (1) the stability field for water which is about
21 pe units; and (2) the free energy that microbes typically
leave untapped due to constraints required to fuel their
metabolism. According to Thauer et al. (1977), microbes
typically leave about —2.8 kcal/(mol H,) unused or, more
generally, —2.8 kcal/2 mol e (this is a conventional basis
upon which biochemical thermodynamics are reported;
Brock et al., 1994). If we treat the energy gap between
Pexo, - /CONH,), and peg, 1,0, (Fig. 5) as though it results
from the reaction of urea with dissolved O, to produce
NO,™ and H,0,, the reaction can be given as:
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Fig. 4. N, fugucity fx, by sample location designated by sample source
and sampling year. Symbols represent mean, plus and minus one standard
deviation. All sample locations had fx, in excess of atmospheric, 0.78 atm,
depicted above for reference. Screened through a saturated aquifer
thickness of about 10 m, the hydrostatic pressure in well NU18 was
sufficient to allow fx, of equal to and in excess of 1 atm for the two
sampling rounds. Samples from spring SpW2 and the wetland into which
it drained had 0.78 atm < fx, < 1.0 atm. Whereas the high fy, of well
NUIS8 and spring SpW2 could reflect contributions of ‘excess air’ from
bubble entrainment in recharge areas as well as denitrification, the wetland
sample was collected from surface-water shoals and, thus, likely is a
consequence of denitrification alone.

CO(NH2)2 + 60, + 6H,O — 2NOZ_ + H,CO; + 2H*
+ 6H,0, (8)
for which the free energy (AGy.,) is given by:

2 2 6
axo-a a a
NO; g+ %H,CO3YH,0,
+RTIn—= , 9)

6
ACO(NH,),%0,

AGurea = AG]

urea

where AG® ., is the standard state free energy, R is the uni-
versal gas constant, 7T is temperature in kelvin, and a, is
activity for species x. Using the thermodynamic data repre-
sented by Egs. (7) and (9), the standard-state free energy is
AG;,., = 14.04 kcal/mol. Using mean values for species
from spring SpW2 (Table 1 and Washington et al., 2004),
calculating an activity coefficient for NO,™ using the
Extended Debye-Huckel Eqn. (Stumm and Morgan,
1996), and assuming activity coefficients of unity for neu-
tral species, the calculated energy gap for Eq. (9) is
—44 kcal/mol urea or —7.3 kcal/2 mol e, about 2.6-times
the maximum biological endpoint. Hence, the energetic
gap depicted between Peno, - /coNi,), and  peo, 1,0,
(Fig. 5) is on the order of, or slightly larger than, that typ-
ically left unused in microbial processes that are not reac-
tant-concentration limited.

In Washington et al. (2004), we depicted evidence,
reproduced here as Fig. 6, that the approach of redox-
active solutes toward equilibrium with their dominant com-
plementary reactants is a function of reactant concentra-
tion, where we define ‘dominant complementary reactant’
as the most concentrated oxidant of a higher-potential
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Table 3 concentrations by orders of magnitude among each other
2005 Analytical data in environmental systems. Such broad variability in solute
Parameter June 16, 2005 June 23, 2005 concentrations is inferred to mirror roughly each solute’s
Mean SD Mean SD relative capacity to buffer the redox potential of its couple
Flow rate (L/min) 287 05 383 0.5 and, hence, its capacity to define the effective equilibrium
Spec. Cond (uS) 85.6 0.7 94.5 0.4 endpoint toward which other potential reactants are
pH (SU) 5.16 0.01 5.01 0.01 drawn. In systems having two or more reactants of nearly
Temperature (C) 17.7 0 18.3 0.04  equal concentrations, factors other than relative concentra-
%gi]o(;l?gl)w) 2'21 g:gos 2'15 ?'005 tion are likely to control which is the true ‘dominant com-
[H,] (nM) 031 0.08 0.86 0.11 plementary reactant.” At spring SpW2, the concentrations
Alk. Equiv. [HOO;~] (mM) <0.2 <0.2 of NO3 ™ and O, (Table 1), and the potentials of their cou-
[H>CO5] (mM) 0.92 0.006 1.3 0.008 ples (Fig. 5), nearly are equal; consequently, with regard to
[CH,4] (nM) <7 <7 oxidation of reduced solutes, the choice of dominant com-
%ﬁ%i],(]l\fy&) géz 38001 33 41 13001 plementary reactant between NO;~ and O, for lower po-
[NO, ] (uM) 033 0.04 0.4 0.04 tential reduced species is arbitrary. In Fig. 6, the
[N,O] (uM) 0.22 0.002 0.32 0.002 approach toward equilibrium between couples is defined
[NHs-] (pM) 0.83 0.22 1.3 0.39 as the difference in pe value of each solute from its domi-
[(Norg] (M) 031 9 29 3 nant complementary reactant; in the case of urea, Ape is
%i;cl\[]] Tlgl\]/l()”M) <<lg.9 <18. 5 0.47 the difference in pe value between the urea oxidation reac-
[N,] (uM) 0.62 0.02 0.63 0.04 tion and either NO3~ or O, reduction, but conventional
[SO4~] (M) 17 0.6 21 0.1 thought on the process of urea oxidation has it that O, is
[H>S] (nM) <30 90 10 the dominant complementary oxidant. Regardless, plotting
(Fe(ID] (kM) 3.7 0.4 2.5 2.0 urea on Fig. 6 shows that data for urea — NO, ™ do indeed
{Fe(l]ll()r]nl\L;IM) g:g 4 3:301 3:36 (1):(9)01 conform to the pattern of most of our other data.

5.3. Mineralization of N, for energy and near partial
couple for each reduced solute and the most concentrated equilibrium with dissolved O, reduction
reductant of a lower-potential couple for each oxidized sol-
ute (Washington et al., 2004). The significance of this def- Only within the last decade have new analytical
inition is rooted in the fact that solutes often vary in  techniques allowed definition of the functionality of N,.
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Fig. 5. Calculated redox potential for the mineralization of urea (peNozf Jco(NHy),) and Norg (Peno, - rconn, ) modeled as the amide functional group, vs.
time in spring SpW2. Also shown are other calculated redox potentials we have reported previously (Washington et al., 2004). The redox potentials we
calculated for urea and N, mineralization to NO, ™ closely approach the upper redox cluster comprised of other N and Fe couples, and the inferred major
oxidant of reduced N, O, — H,0,. For these data, peq, 11,0, is calculated from measured data [O,]and pH, and [H,O,] = 4 nM, a value that was measured
twice at spring SpW2 for the last two sample dates depicted in this figure. The calculated urea, Noe and H,O, couples are shown in bold line with symbols
of: (¢) NO, /CO(NH,),; (0) NO, /RCONH,; (A) O,/H,0, . Other depicted symbols are were first reported in Washington et al. (2004) and are shown
here for comparison: (V) O»/H,O; (8) NO;/NO,~; (3r) NO, /N,0; (¥) NO;/NH,"; (A) NO, /NH,"; (@) Fe(OH)sppr/Fe*'; (#) Fe(OH),/Fe*™; (O)
SO,~/H,S; + H,CO3"/CHy; (%) H,CO5*/CO; () HyO/Hy; (4) HyCO3™/Copr.
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Fig. 6. Ape from the dominant complementary couple vs log measured
reactant concentration, see text for detailed explanation. Lightly shaded
data are reproduced from Washington et al. (2004) and the bold data
points are newly reported here: urea from samples collected during 2001—
2003 and frozen; H,O, and N,O collected on June 23, 2005 from spring
SpW2. Up-pointing triangles depict data for samples having quantifiable
O,, the 3 shallower sample locations. Down-pointing triangles depict data
for the deep-source sample that had no quantifiable O,. At concentrations
>10"°M, Ape consistently is small. At concentrations <10~ M, Ape
trends upward. Present at ~107% M, urea is close to equilibrium, that is,
Ape is small. Open symbols are plotted twice due to questions regarding
the dominant oxidant, see Washington et al. (2004) for details.

In some of this earliest work, Knicker and Ludemann
(1995) examined aged terrestrial organic matter using '°N
NMR and discovered that, contrary to conventional
thought, the majority of N, was present as amide func-
tional groups. Marine organic matter generally is supposed
to be generated in the sea under dramatically different
conditions than terrestrial organic matter; despite this dif-
ference in origins, when McCarthy et al. (1997) applied
"N NMR to marine organic matter, they discovered that
marine N, also is present dominantly as amide groups.
Still more recently, Vairavamurthy and Wang (2002) used
K-edge XANES spectroscopy to determine that riverine
Norg also dominantly is present as amides.

Because amides generally are considered to be environ-
mentally labile moieties (Vairavamurthy and Wang,
2002), these recent discoveries that N, is present domi-
nantly as amides has struck many as incongruous with
the common observation that a significant fraction of Ny,
is quite persistent. A couple of theories have been proposed
to account for the seemingly refractory nature of these N,
amide groups: (i) adsorption of labile materials to mineral
surfaces that are inaccessible to microbial enzymatic attack
(Mayer, 1995); and (ii) encapsulation of labile materials in
resistant fractions (Zang et al., 2000).

While these theories differ in their mode of action, they
share a common underpinning in that they propose condi-
tions that might slow otherwise-fast degradation of the
Nore amide groups. However, the more fundamental issue

remains of whether some fraction of N, might persist,
not because it is refractory, but because its couple is near
partial equilibrium with its dominant oxidant couple.

At its most elementary, ammonification of N, amides
simply is nucleophilic attack by water on the amide bond
to produce a carboxyl and NH,

RCONH, + H" + H,0 — RCOOH + NH;, (10)

where R is an organic molecule. When the ammonification
represented in Eq. (10) is coupled to nitrification, mineral-
ization of N, amides can be represented as:
2RCONH; + 6H,0 — 2NO; + 14H* + 12¢~ + 2RCOOH
(11)
Expressed in this form, Eq. (11) is functionally equivalent
to the mineralization of urea as shown in Eq. (6) in that,
for each reaction, two amine—carboxyl bonds are cleaved,
two hydroxyl-carboxyl bonds are formed and all other
bond transitions are identical. As such, the energetics of
Eq. (11) can be expected to be closely similar to those of
Eq. (6) and, consequently, mineralization of N, might
be approximated by modeling N, as urea. Normalizing
Eq. (11) to a single amide functional group and approxi-
mating the free-energy of reaction for N, with the urea
data, log Kz.l/Z(—168.53) = —84.27 and pexo, - /rconn,
can be approximated as:

Peno; rconn, = (84.27 +log arcoon + log ano;
— 7pH — IOg aRCONHZ)/6 (12)

In Eq. (12), NO,™ and pH are measured, and RCONH,
can be approximated by N,,,. The value of the organic car-
boxyl group is not directly represented by any of our ana-
lytical quantities. If both RCOOH and NO,” were
products solely of nitrification via Eq. (12), and neither
reacted further, then the stoichiometric equivalence of
RCOOH with NO,  would render [NO, ] a flawless
estimate of [RCOOH]. In complex natural systems,
however, both RCOOH and NO,™ serve as reactants and
products in numerous other reactions. Nevertheless,
[RCOOH] = [NO, ] is the best approximation we have
for our data. Furthermore, the effect of errors from apply-
ing this approximation are minimized in Eq. (12) by taking
the log of [RCOOH] and dividing the entire quantity by six.
Hence, we approximate Eq. (12) as:

peNOZ’/RCONHZ ~ (8427 —+ 210g aNO; — 7pH — 10g aRCONHz)/6

(13)
Assuming an activity coeflicient for the amide functional
groups of unity, values of PeNO, /RCONH, calculated from
Eq. (13) are plotted in Fig. 5. These values for
Pexo, - /rcon, €an be seen to closely mimic those calculated
for pexo, - comy),: While this pattern is to be expected be-
cause of the large number of common variables used to cal-
culate these potentials, it also is consistent with the idea
that amide moieties on complex organic molecules behave
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similarly to those on urea, which we maintain is a reason-
able proposition as well. Furthermore, PeNO, - /RCONH, and
Pexo, - /coNH,), define the bottom of the upper cluster of re-
dox values comprised of other N pe values, Fe pe values
and peg, ,0, values. This observation is consistent with
the idea that, in N-rich settings, organic amide moieties
commonly can approach partial equilibrium with the dom-
inant oxidant in environmental systems.

Because we analyzed [N,,,] on an atomic basis, as op-
posed to molecular, we do not have the necessary informa-
tion to plot these data on the molecular concentration
scale of the x axis in Fig. 6. To the extent our approximation
of PeNO, - /RCONH, is correct (Fig. 5), its deviation from the
dominant complementary reactants and the relationship
depicted in Fig. 6 implies that our measured atomic concen-
tration of [Noyg] ~ 107> M equates to a molecular concentra-
tion of about 107¢ M. In turn, this estimate suggests a mean
N molecular size of about No. Using an analogous approach
for C,, our measured atomic concentration of
[Corg] ~ 10> M equated to a molecular concentration of
about 1077 to 10~ M (Washington et al., 2004). To the ex-
tent these approximations are valid, the closer approach of
N to its dominant complementary reactant than C,,, with
its dominant complementary reactant suggests that N, is
preferentially concentrated in the smallest organic molecular
fractions.

5.4. Modes of accumulation of excess N, and its possible
effervescence

There are two modes by which subsurface waters have
been shown to accumulate [N,] in excess of that for equil-
ibration with air: (1) denitrification; and (2) percolating
waters entrap air at and near the water table, and, as the
waters advect downward with the entrained bubbles, dis-
solve the bubbles under the influence of the increasing
hydrostatic pressure (Kipfer et al., 2002).

Among the three N, sample locations, the well, NU18,
had the highest fy,, with fy, ~ 1.0 atm (Fig. 4) when we sam-
pled during unusually wet conditions in 2005 and
fn, = 1.1 atm when we sampled during drought conditions
in 2002. Had the waters entered the system equilibrated with
the atmospheric value of fy, = 0.78 atm , the water entering
the subsurface system would have had dissolved
[N,] = 0.54 mM. Consequently, the subsurface waters from
which the samples (Fig. 4) were drawn are at least partially
closed with respect to the atmosphere and the differences
(0.69-0.54 mM) to (0.76-0.54 mM) = 0.15-0.22 mM of
excess dissolved N, had accumulated in well NU18 by
denitrification of NO;~ and/or NO, , and/or by air
entrapment.

In contrast to subsurface waters, surface waters usually
are observed to contain dissolved-gas fugacities that are
near equilibrium with air (Kipfer et al., 2002). As such,
the observation of the high [N,]in the water collected from
the wetland shoals (Fig. 4), 70-m downstream of spring
SpW2 (Fig. 4), supports the presence of an active source

of N, to this water, i.e., denitrification. In turn, this sug-
gests that at least some of the excess N, observed in well
NUI8 and spring SpW2 is from denitrification.

Since the fy, ~ 1.1 atm we measured in well NU18
exceeded the total atmospheric pressure, depths below the
water table, for which the hydrostatic pressure was less
than 1.1 atm, were supersaturated with respect to N,. As
such, N, might well have been exsolving from solution in
the aquifer discharge zone near spring SpW2 at depths of
<100 cm below the water table, where Ppydrostatic < 1.1
atm, if bubble-nucleation energy was overcome and if the
exsolved bubbles could find macropores in which they were
able to migrate upward.

The terminal step of denitrification commonly is report-
ed as N>,O — N, (Betlach and Tiedje, 1981), for which the
balanced reaction can be written:

N,O + 2H" +2¢ — N, + H,O (14)
Using thermodynamic data from Bethke (1998):
Pen,on, = (59899 +log an,0 —log an, —2pH)/2  (15)

Applying data reported herein (Table 1), the deviation of
Pen,oN, from its dominant complementary couple,
Pere(oH), /R > is plotted in Fig. 6, labeled with its reactant,
N,O, the anomalous value of this couple is obvious. Based
on the fugacity of the samples exceeding 0.78 atm and the
stoichiometry of Eq. (14), the unusually high potential for
this couple further supports that exsolution of the volatile
product, N,, takes place in this setting.

5.5. Denitrification as a possible cause of NO;~ and N,0
covariation

The temporal variation of N solutes in spring SpW?2 is
notable because of the concomitant, inverse variation in
[NO;7] and [N,O] (Fig. 3). Solute concentration changes
might be expected as a function of variability in rate of
application of manure, the ultimate source of the N, or var-
iability in recharge affecting transport or dilution. Howev-
er, these changes in source term seem likely to affect
parallel, as opposed to the observed inverse, changes in
all the N solutes or, perhaps, a change in one solute with
little effect on the others because of slow solute-degrada-
tion rates. Accordingly, simple change in source term seems
to be an unlikely cause for the observed pattern of concom-
itant, inverse variation in [NO3™ ] and [N,O].

As described above, the observed excess dissolved N5 in
samples from well NU18, spring SpW2, and the surficial
wetland waters suggests that denitrification is taking place
in the aquifer system. When a transformation process pro-
ceeds through a series of intermediate products, as with
denitrification, the product ratios vary systematically with
reaction progress, both in static systems (Friedlander et al.,
1981) and in flow-through systems (Washington and Camer-
on, 2001). Consequently, a possible cause for the inverse cor-
relation between NO;~ and N,O (Fig. 3) is variation in the
degree of denitrification progress, e.g., as a result of seasonal
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variation in groundwater flow rate affecting residence time or
temperature affecting reaction rate.

As is true of most enzymatically driven reactions, the
actual rates of denitrification vary drastically with environ-
mental variables such as temperature and [C,,.]; however,
the general systematics of sequential ingrowth and decay
is a common factor for the process. Fig. 7 depicts the cal-
culated product concentrations during denitrification in a
closed chemical system, relative to the time-zero concentra-
tion of the parent NO; ™, as a function of reaction progress
based on Michaelis—Menten half-saturation constants
reported in Betlach and Tiedje (1981). This figure illustrates
how small variations in reaction progress alter the relative
proportions of reactants and products in a closed system.
In particular, the reaction-progress period of ~0.05 to
~0.1 is an interval during which [NOs ] is decreasing,
[N,O] is increasing and [NO,”], near its concentration
apex, is roughly invariant, similar to the pattern observed
in spring SpW2 data (Fig. 3).

Low [NO;™ ] and high [N,O] generally occurred in spring
SpW2 during the summer, and high [NO;™ ] and low [N,0]
occurred during autumn through spring. Flow rate from
spring SpW2 was slower during the summer than at other
times (Washington et al., 2004) and this pattern might cause
the observed patterns in [NO3™ ] and [N,O] because lower
flow rates should cause longer residence times leading to
more complete denitrification. There is statistical support
for this hypothesis in that log-transformed flow rate is signif-
icantly correlated with log transformed [NO;™ ] (P < 0.05)

0.5
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Fig. 7. Ratio of N-species concentration to initial [NO;™] vs reaction
progress for the denitrification reaction sequence of NO; —
NO,™ —- NO — N,O — N, using the Michaelis-Menten half-saturation
constants for Flavobacterium as reported in Betlach and Tiedje (1981). For
much of the reaction period from ~0.05 to ~0.1, increasing progress
diminishes [NO; ™ ] at the same time as [N,O] increases and [N,O™ ], near its
maximum, remains nearly constant—a qualitatively similar pattern as that
observed for spring SpW2. Note that [N,O] and [N,] are decreased by half
relative to other species to account for reaction stoichiometry. Also note
that: (1) the half-saturation constant for NO, which was not reported by
Betlach and Tiedje (1981), herein is assumed equal to that of N,O; and 2)
Betlach and Tiedje (1981) did not report Michaelis—-Menten maximum
velocities (v) which vary dramatically with environmental conditions—to
model relative concentrations similar to our data we used vno, =1,
UN027 = 6, UNO = 1 and UN,0 = 0.2. »

and log-transformed [N,O] (P < 0.01). Water temperatures
were warmer in the summer than at other times (Washington
et al., 2004) and warm temperatures would favor increased
reaction rates, thus potentially causing the observed patterns
in [NO3 ™ Jand [N,O] as well. Testing this hypothesis statisti-
cally, log-transformed temperature is significantly correlat-
ed with log-transformed [N,O] (P <0.01), but is not
significantly correlated with log-transformed [NO;™ ], so
the statistical evidence for this hypothesis is not as strong
as that for changes in flow rate as a causative factor of the
observed [NO3 ] and [N,O] patterns. Taken together, these
observations suggest that variability in flow rate at spring
SpW2 caused the issuing waters to have undergone varying
degrees of denitrification progress.

5.6. Cypo/ Ny indicates that the SpW2 aquifer microbial
ecosystem is N saturated

Redfield (1934, 1958) found that, through biological
assimilation, “‘biological agencies” control the Cor/Noyg
molar ratios typically observed in aqueous systems receiving
natural concentrations of N compounds at values of C,,,/
Norg &~ 6.6. This Redfield ratio for C,e/Nor contrasts
sharply with Co,e/Noye ratios associated with cattle wastes
(feces and urine undivided) which ranges from about 36
when fresh to 21 subsequent to aging (Atiyeh et al., 2000;
Lekasiet al., 2003), much above the Redfield ratio. Contrast-
ing with the Redfield ratio nearly as sharply, but in the other
extreme, the Coro/No,, of livestock urine is on the order of
unity (van Groenigen et al., 2005), much less than the Red-
field value.

Spring NWSp, which drains a forested area, and the deep
Hillcrest Well, both were selected for sampling to represent
the chemistry of area groundwaters that have not been
impacted heavily by agriculture and the low [N] observed
in both these locations (Table 1) is supportive that they do,
indeed, represent such conditions. Because N, was not
detected in spring NWSp (Table 1), we can only define the
lower limit of the Cy,/Noy, ratio for this location using the
LOD for Ny, for NWSp Coro/Noye > 1.4 (Table 2), a low-
er-limit ratio that allows a range from well below to above
the Redfield value. In the Hillcrest Well, Coro/Norg = 5.5
(Table 2), a value that falls just below the Redfield value, sug-
gesting that the Co.o/Noye ratio at this low-agricultural-im-
pact location largely was controlled by assimilative
biological processes.

In contrast, the Coe/Noye values for the sample sites
located in a beef-cattle pasture diverge widely from the
Redfield ratio. At spring SpW2, the Co,o/No,, molar ratios
are low, generally in the range of 0.5-1.7 (Table 2) indicat-
ing N, saturation, a condition that is conducive to use of
N to fuel energy production, i.e., dissimilative biological
processes. Within the same watershed, but contrasting with
the SpW2 data, the Coo/Noy values for well NUIS
were high relative to the Redfield ratio, i.e., 9 and >14
(Table 2). Whereas it seems likely that the wide divergences
of the Coro/Noye ratios for spring SpW2 and well NU18
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from the Redfield ratio are related to the sample locations
being situated in the beef-cattle pasture, the reason for the
still-larger disparity between spring SpW2 and well NU18
remains uncertain. One possible cause for the low
Corg/Norg in spring SpW?2 is the habitual congregation of
the herd immediately up-slope of SpW2 in pasture areca
where the groundwater table most-closely approaches the
ground surface (Amirtharajah et al., 2002)—it might be
that mobile N-rich urine is making its way along the short
flow-path to the spring. Regardless, more work is needed if
we are to understand the dynamics of Coe/Noye in agricul-
turally impacted groundwaters.

6. Conclusions

In the oxic, agriculturally impacted groundwaters we
studied, NO;~ was the dominant fixed-N species, followed
by N and usually relatively trace levels of the other fixed-
N species. In the oxic groundwaters showing little to no
agricultural impacts, NO3;~ was the dominant fixed-N spe-
cies, albeit at much lower concentrations than that of the
agriculturally impacted waters, followed by relatively trace
levels of other fixed-N species. The reducing water showing
little to no agricultural impact that we sampled had low
concentrations of fixed N relative to the agriculturally
impacted waters; among these low concentrations, N,
was dominant followed by NH," and only trace levels of
the other fixed-N species.

In oxic, aqueous settings, O, is reduced to H,O, rather
than directly to H,O so that potentials for the O,/H,O, re-
dox couple can approach partial equilibrium with N and
Fe couples. In oxic, agriculturally impacted waters: (1) urea
can persist because oxidized-N species, NO;~, and NO, ™,
are present in sufficient concentrations so that further
microbially mediated oxidation of urea is not energetically
favorable; and (2) thermodynamic calculations with N,
modeled as the amide bond, suggest that it too might per-
sist in N-rich ecosystems because it has approached near
equilibrium with the dominant oxidants in the system.

The observation that N,,, and urea oxidations approach
equilibrium with the reduction of O, to H,O, in N-impact-
ed settings extends the pattern we described in Washington
et al. (2004) wherein high-concentration redox reactants
are close to equilibrium with their dominant complementa-
ry reactants and lower concentration reactants, <10~® M in
the systems we studied, deviate from equilibrium with their
dominant complementary reactant by an amount that is
log-linearly proportional to the reactants’ concentrations
(Fig. 6). Such a pattern describes one with local partial
equilibrium (LPE) among high-concentration reactants
and concentration reaction-rate limited (CRRL) deviations
from equilibrium for low-concentration reactants. In turn,
LPE and CRRL conditions among multiple species suggest
that these redox reactions are proceeding concomitantly, as
opposed to the commonly accepted conceptual model for
redox reactions of sequentially in order from highest to
lowest energy yield under standard-state conditions.

In addition to extending the application of the combined
conceptual models of LPE and CRRL to urea, N,,, and
H,0,, we also have identified two exceptions to the pattern
manifested by these other reactants: (1) N,O — N,, presum-
ably due at least partially to exsolution of high-fugacity N, at
high rates relative to the CRRL reduction of N>O; and (2)
H, — H™, for reasons that are unclear, but might be related
to the unique role of H, in fermentation or H" in acid-base
reactions. Nevertheless, the LPE and CRRL models clearly
are applicable to multiple redox-active solutes in environ-
mental systems. As such, the LPE and CRRL models show
potential to enable estimation of the distribution of redox-
active couples and solutes in environmental systems. In fact,
the redox couples appear to be remarkably stable (Fig. 5). On
the other hand, the LPE and CRRL models seem likely to
estimate solute concentrations only with order-of-magni-
tude-type precision owing to the natural-logarithm function-
al relation between free energy and reactant/product
concentrations (e.g., Eq. (9)).
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